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Abstract

Nitrogen (N) loss from land to water in agricultural ecosystems is a major driver of
eutrophication, harmful algal blooms, and drinking water impairments in surface waters
and groundwater. Despite decades of policy frameworks and incentives promoting
conservation practices, progress toward reducing N loads from croplands has been
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modest and often slower than anticipated. To clarify why and identify opportunities
for improvement, we synthesize current knowledge of field-scale N transport, con-
sidering all major N forms, including inorganic and organic fractions, across multiple
temporal scales and three primary hydrological pathways: surface runoff (overland flow),
tile drainage, and ditch drainage. By focusing on the field scale, where management
decisions are applied and conservation practices are implemented, this review explicitly
links biophysical processes to actionable interventions. Our review highlights several
key knowledge gaps: (i) most studies do not quantify the full suite of N forms (inor-
ganic and organic) present in runoff and drainage waters, (i) research has historically
been conducted at small plot scales or large watershed scales rather than at the field
scale, where management decisions are made, (iii) field-scale monitoring often relies on
composite runoff samples that obscure intra-event dynamics, (iv) sampling is frequently
limited to the main growing season, missing periods when much of the N loss occurs,
and (v) research is geographically clustered, limiting transferability to other regions.
Addressing these gaps will improve understanding of when, how, why, and how much N
is exported from agricultural fields, and will support the development of more effective
management practices to reduce N losses and protect water quality.

Keywords: Agricultural runoff, Ditch drainage, Field-scale, Nitrogen loss, Subsurface
drainage, Surface runoff, Tile drainage, Water quality

1. Introduction
1.1 Nitrogen and water quality

Nitrogen (N) is an essential nutrient for all living organisms and a building
block of life, but excessive N in water can cause eutrophication, harmful
algal blooms, and contaminate drinking water supplies (Galloway et al.,
2003). Consequently, N is considered a pollutant by many governments,
including the European Union (Sutton et al., 2011) and the United States
(US EPA, 2011). While there have been successes in reducing N from
some contributing sources, such as wastewater and atmospheric deposition,
agriculture remains the primary and most intractable N source in many
watersheds, including the Chesapeake Bay and Gulf of Mexico in the US
(David et al., 2010; Clune et al., 2021).

Reducing agriculture’s contribution of N to water pollution requires
change at many scales. At the watershed scale, nutrient imports must be
balanced with nutrient exports (Beegle, 2013; Sharpley et al., 2019). At the
landscape scale, the critical role of legacy N accumulation in soils, sediments,
and groundwater needs to be accounted for and addressed (Basu et al., 2022).
At the farm scale, improved N use efficiency (NUE) is needed to reduce the
amount of N applied per unit of crop output. However, improved NUE
does not always correlate with reduced N loss (Sharpley et al., 2019), and
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Fig.1 An overview of nitrogen forms (inorganic and organic, dissolved and particulate)
transport and transformations across various hydrological pathways in agricultural wa-
tersheds. Refer to Fig. 3 caption for nitrogen forms description.

an ambitious goal of achieving 75 percent average NUE in the US would
still leave 25 percent of applied N susceptible to loss (Zhang et al., 2015).
Thus, there is a need for additional conservation practices at the field scale
to retain or remove surplus N and prevent loss to waterways (Kirk et al.,
2024). Yet, studies show that past implementation of conservation practices
has not been as effective as expected (Liu et al., 2017; Lintern et al., 2020;
Webber et al., 2024), suggesting a need to improve our understanding of
how and when N is lost from farm fields.

We reviewed the current literature on agricultural N losses from three
drainage pathways: overland flow, tile drainage, and ditch drainage. For each
pathway, we examined all potential forms of N and patterns across temporal
scales and precipitation to understand the fundamental processes driving
N loss (Fig. 1). Our review focused on field-scale research in temperate,
humid climates across much of North America and Europe, with particular
emphasis on the US, though we have also included research from other scales
and regions for comparison. Finally, we identified research opportunities
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Fig. 2 Transformations of nitrogen in the environment and surface and subsurface
pathways of nitrogen transport from soil to water. Created with Biorender.com.

to improve our understanding of N loss from farm fields, better inform N
management, enhance conservation practices, and protect water quality.

1.2 Pathways of nitrogen transport

Nitrogen may be lost from agricultural fields via both surface and subsurface
pathways (Figs. 1 and 2). Either pathway may dominate depending on the
site conditions and the form of N being considered, but in many agricultural
systems, the majority of N is lost in subsurface drainage, which may include
tile drainage, ditch drainage, interflow, and/or deep leaching to groundwater.
Using survey data from 2003 to 2006, modeling results indicated that
subsurface flow was the single largest pathway for agricultural N loss (44
percent of all losses), followed by surface runoff (17 percent, of which 3
percent was dissolved and 14 percent particulate) (USDA NR CS,2017). The
remaining N loss was attributed to volatilization (19 percent), denitrification
(7 percent), and windborne sediment (13 percent). An update using 2013—
16 survey data estimated that surface runoff N loss decreased by 3 percent,
while subsurface N loss increased by 13 percent (USDA NRCS, 2022).
For phosphorus (P), the situation is often reversed: surface runoff is
usually the primary loss pathway (Smith et al., 1993; McDowell et al., 2001;
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Christianson et al., 2016), though there is increasing recognition of the
importance of subsurface P loss (Sims et al., 1998; King et al., 2015;
Smith et al., 2015; Toor and Sims, 2015; Christianson et al., 2016), which in
some situations can exceed P loss via surface runoff (e.g., McDowell et al.,
2001; Gentry et al., 2007).

In the Chesapeake Bay watershed, subsurface N loss was estimated to
be 41.7 percent of all farm losses, followed by volatilization (31.7 percent),
surface runoft (17.6 percent, of which 3.8 percent was dissolved and
13.8 percent particulate), and denitrification (8.9 percent), with negligible
windborne sediment loss (USDA NRCS, 2013). It is important to note
that this model estimates N loss from farms, not all of which is delivered
to surface waters, as some N is attenuated along flow pathways. Looking
instead at stream N inputs, an estimated 48 percent (range: 17—80 percent)
of the total annual N load in nontidal streams in the Chesapeake Bay
watershed comes from nitrate-IN in base flow from groundwater, with the
remainder from surface runoff and shallow subsurface flow, which includes
tile drainage and interflow (Bachman et al., 1998). Factors contributing to
higher groundwater N include flat topography, permeable soils and bedrock,
oxic groundwater conditions, low soil organic carbon, and agricultural land
use (Ator et al., 2020; Wherry et al., 2021). For example, subsurface flow
is the main pathway for N loss on the flat, sandy, and heavily agricultural
Delmarva Peninsula (consisting of parts of Delaware, Maryland, and Virginia)
(Bohlke and Denver, 1995; Ator et al., 2005; Ator and Denver, 2012, 2015),
though surface runoff can also be an important pathway, particularly in the
spring after nutrient applications (Ator and Denver, 2012).

In places with a high proportion of subsurface flow, lag times in N
transport complicate efforts to understand and reduce N loss to surface
waters. Surface runoff is a rapid travel pathway for N leaving a farm field,
generally reaching surface waters within hours to days of a precipitation
event, whereas subsurface flow can take months (for soil water) or years
to decades (for groundwater) to reach surface waters (Meals et al., 2010;
Tesoriero et al., 2013; Van Meter et al.,, 2017). This lag time has been
identified as one of the reasons conservation practices have not yet resulted in
the anticipated N reductions in the Chesapeake Bay (Sanford and Pope, 2013;
Chang et al., 2021). For example, an estimated 47 percent of the annual
N load in the Susquehanna River basin (the largest sub-watershed of the
Chesapeake Bay) is attributed to legacy N greater than one year old, and 18
percent is greater than 10 years old (Van Meter et al., 2017). Lag times are
even longer on the Delmarva Peninsula, where more than half of streamflow
is estimated to be >13 years old (Sanford and Pope, 2013).
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Fig.3 Nitrogen forms typically analyzed in water samples. For complete N fractionation,
water samples are analyzed for four N forms: ammonium (NH;+NH,), nitrate (NO,+NOs),
total dissolved N (TDN), and total N (TN). Organic N forms are then calculated by differ-
ence: dissolved organic N (DON) = TDN - dissolved inorganic N (NO,+NO3 + NH3+NH,);
particulate organic N (PON) = TN — TDN.

1.3 Overview of nitrogen forms in water

Studying N in soil and water is complex because N is constantly cycling
and changing forms (Fig. 2). In water, N is often categorized into dissolved
and particulate forms, and may also be divided into inorganic and organic
fractions (Fig. 3).

The inorganic N fractions include oxidized forms, nitrate (NO37) and
nitrite (NO,7), as well as reduced forms, ammonia (NH3) and ammonium
(NH4 ). NOj5™ is highly mobile in water and prone to leaching, while NH,
is typically adsorbed to soil particles and less mobile in soil. NHj3 is a gas
that can be dissolved in water but is prone to volatilize (evaporate) into
the atmosphere, resulting in often negligible aqueous concentrations that
are therefore frequently reported together as NHy—N. Similarly, NO," is
generally present at very low, often negligible, concentrations and is thus
commonly combined with NO3™ and reported as NO,—N; in this review,
we refer to this fraction as NO3—N for consistency.

The term “organic” in the chemical sense means that the N is part of a
molecule that contains carbon. Organic N is typically divided into dissolved
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and particulate, which are operationally defined as the fractions that pass
through a specific size filter, most often 0.45 wM. Dissolved organic N
(DON) is dissolved in water and does not settle out if the water stops
moving, while particulate organic N (PON) is suspended in water and
may include large organic molecules and/or organic molecules sorbed to
soil particles. PON is usually used interchangeably with particulate N (PN)
since it is generally assumed that inorganic N is negligible in the particulate
fraction. Some studies, especially from the 1990s and earlier, used the terms
“sediment N” or “sediment-associated N,” which is referred to as PN in
this review. However, in these studies, sediment samples were typically dried
and analyzed separately using soil methods rather than analyzed as part of
a water sample. In some cases, the sediments were also collected separately
from water samples. Because of differences in methods, we use the original
term “sediment N” in the discussion where appropriate.

Total N (TN) is the sum of all dissolved and particulate, inorganic and
organic N forms, while total dissolved N (TDN) is the sum of only dissolved
forms, including inorganic species (NO3—N = NO3;—N 4 NO,—N; NH4—
N = NH;3-N + NH4—N) and organic (DON). Other N forms groupings
used in the literature, which complicate comparisons across studies, include
(1) total organic N (TON) = all organic N (DON 4 PON); (i1) total Kjeldahl
N (TKN) = organic N + NHy—N (NH3—N+NH;—N); and (iii) dissolved
inorganic N (DIN) = NO3;—N (NO,—N 4 NO3;-N) + NH;—N (NH;—
N + NH4-N).

Studies of N loss in water typically measure the concentration (usually in
mg L™!) and the volume of water, which are multiplied to calculate the load,
or the total mass that passed through a sampling site. This is usually divided
by the drainage area to yield a standardized value (typically kg ha™' yr!).
Concentration may be presented as an arithmetic mean or a flow—weighted
mean; in a review, Hertzberger et al. (2019) found no significant difference
between these two means.

S 2. Nitrogen loss in surface runoff

2.1 Overview of surface runoff

Surface runoff, or overland flow, refers to water moving across the land
surface. Early hydrological research established that surface runoft’ occurs
when water arrives at the soil surface faster than it can infiltrate (Green and
Ampt, 1912; Horton, 1933). This mechanism, known as infiltration-excess
overland flow or “Hortonian” overland flow, was formalized by Horton’s
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Fig. 4 Processes and forms of nitrogen in surface runoff. (A) Infiltrating precipitation
moves dissolved solutes into the soil, away from the surface. (B) Infiltration-excess
overland flow: precipitation that exceeds infiltration capacity becomes surface runoff,
picking up dissolved solutes (NO; and DON) in the “mixing zone” and eroding soil
particles carrying sorbed NH, and PON. (C) Saturation-excess overland flow: infiltrating
water raises the water table until it intersects the ground surface, carrying primarily
dissolved solutes (NO; and DON) to the surface. Precipitation falling on saturated ground
also becomes runoff because it cannot infiltrate.

seminal 1933 paper (Beven, 2004). Dunne and Black (1970) later described a
second runoft generation mechanism, now called saturation—excess overland
flow, which occurs when soils are already saturated and the rising water
table reaches the surface, or when precipitation falls on saturated soil and
immediately becomes runoff. Today, the two mechanisms widely recognized
as the primary modes of surface runoff are infiltration-excess (typically
dominated by rainwater) and saturation-excess (a mixture of rain and soil
water) (Fig. 4).

The dominant pathway at a site depends on numerous interact-
ing soil, site, and precipitation characteristics, including topography and
soil texture (Gramlich et al., 2018), subsurface hydrologic properties
(Daughtry et al., 2001; Needelman et al., 2004), soil structure, bulk density,
surface sealing (Rittenburg et al., 2015), macroporosity, antecedent soil
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moisture (Macrae et al., 2010), freeze—thaw conditions (Gray et al., 2001;
Rittenburg et al., 2015), organic matter content (Rittenburg et al., 2015),
plant cover (Daryanto et al., 2018; Reba et al., 2020), and rainfall inten-
sity (Kleinman et al., 2006). A global review found that saturation—excess
runoff is more common in sandy and loamy soils and humid climates,
while infiltration—excess runoff is more common in clay soils and arid
climates (Gramlich et al., 2018). Identifying which mechanism dominates
at a given site is essential for selecting appropriate mitigation practices
(Rittenburg et al., 2015).

Surface runoff can transport both particulate and dissolved constituents
to receiving waters (Fig. 4). In infiltration—excess runoff, a shallow “mixing
zone” of approximately 0.5-2.0 cm develops where precipitation interacts
with soil water, mobilizing dissolved constituents (Rittenburg et al., 2015).
As infiltration continues, dissolved constituents may be leached, but subsur-
face water that later re-emerges as saturation—excess runoff can bring these
solutes back to the surface (Rittenburg et al., 2015). In contrast, particulate
transport occurs when soil particles are eroded and suspended in runoff; fine
particles (silt and clay) settle more slowly than coarser particles (sand) and
thus are preferentially transported (Shi and Schulin, 2018). Because these fine
particles have more sorption sites, eroded sediments are typically enriched in
organic matter and nutrients relative to the bulk soil (Strickland et al., 2012;
Shi and Schulin, 2018).

2.2 Nitrogen transport in surface runoff

2.2.1 Forms of nitrogen in surface runoff

Across a wide range of studies, particulate N (PN) is often the dominant
form of N transported in surface runoff, followed by NO3—N and NH,—
N, although the relative amounts vary considerably with site characteristics,
fertilizer management, cropping systems, and management practices. For
example, a synthesis of 94 edge-of-field (EOF) studies in the US reported
average PN loads of 5.6 kg ha™' yr'!, compared with 1.5 kg ha™' yr!
for DN (Harmel et al., 2022). An 8-year study of 20 catchments (with
grass, wheat, or cotton/oats/sorghum) in Texas and Oklahoma found that
PN averaged 65 percent (range: 22-93 percent) of TN (Sharpley et al.,
1987). In 6 years of EOF studies at 23 sites in Wisconsin, TON domi-
nated runoff during unfrozen periods (2.47 of 3.81 kg ha™'; 65 percent
of TN), followed by NO3;—N (1.12 kg ha™'; 30 percent of TN) and
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NH,—N (0.19 kg ha™!; 5 percent of TN) (Stuntebeck et al., 2011). A 5-
year EOF study on corn silage in Wisconsin found that TN loads were
closely associated with suspended sediment (Sherman et al., 2021). A 3-
year study of four cotton/corn fields in Arkansas observed that NO3;—N
loads accounted for 7-36 percent of TN (Aryal et al., 2018). In contrast, a
2-year EOF study on six tilled corn fields in Texas found that very high
TN loads (22.9-47.1 kg ha™!) were dominated by DIN (62-90 percent of
TN), with NO3—N accounting for 97-99 percent of DIN (Harmel et al.,
2004).

Similar patterns (PN > NO3;—-N > NH;—N) have been observed in
plot-scale and modeling studies. In a plot study in cotton fields in Arkansas,
NO;3—N losses were greater than NH4—N and NO,—N across all tillage and
fertilizer treatments (Adviento-Borbe et al., 2018). Using a rainfall simulator
on conventional tillage plots in Indiana, Flanagan and Foster (1989) found
that most TN loss in runoff was associated with sediment (0.4-28.0 kg ha™'),
followed by NH4~N (0.2-2.6 kg ha™') and NO3~N (0.03-0.30 kg ha™'),
with the relatively high NH4—N likely due to recent NHy-based fertilizer
application. Another simulated rainfall study on sieved and mixed soil in
China found that average sediment N was highest (58.6 percent of TN
load), with wide variation in sediment N (7.0-82.0 percent) and NO3—
N (11.8-73.2 percent), whereas NHy—N was consistently low (1.5-13.3
percent) (Wu et al., 2018). The CEAP model also estimates that PN is the
dominant N form in surface runoff nationally and in the Chesapeake Bay
watershed (USDA NRCS, 2013, 2022).

DON is not commonly reported in surface runoff studies. In a
macadamia nut plantation in Australia, N loads were mainly PN (159 ¢
ha™), followed by DON (52 g ha™!), NO3-N (39 g ha™!') and NH4~N (33
g ha™!), and concentrations followed the same pattern: PN (2.81 mg L™),
DON (0.47 mg L™, NO3-N (0.37 mg L"), and NH4—N (0.27 mg L™)
(Yan et al., 2005). A plot study across various crops in China found a similar
pattern, with mean DON ranging from 0.65 to 1.43 mg L™!, corresponding
to 4.5-39.7 percent of TN. A field study in the Canadian Prairies found
that DON was 16—44 percent of runoft TN load, with a lower percentage
but higher absolute amount under conventional tillage (1.09 kg ha™! yr™!)
compared with conservation tillage (0.86 kg ha™! yr™!) (Tiessen et al., 2010).
In contrast, DON was consistently the dominant form in runoff from a
dairy pasture in New Zealand, followed by PN during summer—autumn
and NO3—N during winter (Wilcock et al., 2012).
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2.2.2 Effects of field management on nitrogen forms in surface runoff
Field management can affect the absolute and relative amounts of N forms
in surface runoff. More intensive tillage is typically associated with greater
total N loss and a higher proportion in particulate form. A 2-year plot-
scale corn study in North Carolina found that sediment N comprised 72
percent of TN under conventional tillage, 49 percent under strip tillage,
and 44.5 percent under no-tillage; dissolved N did not differ significantly
among tillage treatments, so higher sediment N led to greater TIN loss
under conventional tillage (Reddy et al., 2001). A plot-scale simulated
rainfall study in cotton—peanut fields in Georgia found significantly higher
losses of TKIN (organic N + NH4—N) under conventional tillage than strip
tillage, whereas NO3—IN loss was significantly higher under strip tillage than
conventional tillage (Franklin et al., 2007). Similarly, a field-scale cotton—
peanut study in Georgia found that sediment-bound organic N loss was
greater under conventional tillage than under strip tillage, even though
concentrations were higher under strip tillage due to lower total runoff
volume (Endale et al., 2017). An EOF study in Maryland likewise reported
a slightly smaller organic N fraction under conventional tillage (43.7 per-
cent of TN) than under no-tillage (51.5 percent), but the total amount
of N lost under no-tillage was an order of magnitude lower (Angle et al.,
1984).

In addition to tillage, other management practices can affect the forms
of N lost in surface runoff. In a meta-analysis, conservation practices
(including grassed waterways, terraces, contour farming, filter strips, and
riparian buffers) reduced PN loss by 65 percent but had no significant
effect on dissolved or TN loss (Nummer et al., 2018). A 7-year EOF
study in Mississippi found that vegetated buffers increased the proportion
of dissolved TKN relative to particulate TKN in surface runoff from tilled
cropland (Locke et al., 2020). A 4-year EOF study in Arkansas found that
the unique anaerobic conditions in rice paddy soils led to a higher fraction
of NO,—N than is typically found in runoft (Reba et al., 2020). Total N
concentrations in runoff did not differ significantly among rice (0.786 mg
L™, cotton (0.772 mg L™), and soybean (0.895 mg L") fields, but NO>—N
was significantly higher in rice (0.03 mg L™!) than soybean (0.0175 mg L™)
or cotton (0.018 mg L™!), and NO3;-N was correspondingly lower in rice
(0.088 mg L") than soybean (0.215 mg L™!) and cotton (0.238 mg L™).
Loads of NO,—N and NO3;—N in runoff from the three crops followed the
same pattern as concentrations.
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In summary, PN is often the dominant form in surface runoff, particularly
when field management includes greater soil disturbance, whereas DN may
predominate in fields with less disturbance. Within the dissolved fraction,
NOj3 is usually more abundant than NHy4, and DON may be more abundant
than either, but relatively few studies have reported DON in surface runoff.

2.2.3 Nitrogen transport within storm events

In infiltration-excess runoff, both dissolved and particulate N losses are
typically higher at the beginning of an event. Nitrate is highly mobile in soil
and leaches with infiltrating water (Smith et al., 1993). In simulated rainfall
events on conventional tillage plots in Indiana, NO;3 in runoff was highest
at the onset of a storm and gradually declined as soil NO3 leached from the
surface (Flanagan and Foster, 1989). In a pasture plot study in Kentucky, there
was no trend for NO3;—N, but relative concentrations of NH;—IN and TKN
declined over the course of runoft events, a pattern attributed to flushing
followed by dilution and/or decreasing availability (Edwards et al., 2000).
Higher concentrations of NOj later in an event might signal exfiltration
and the onset of saturation-excess runoft (Daughtry et al., 2001).

Intra-event variations in rainfall intensity can also drive intra-event N
loss dynamics, particularly through their effect on soil erosion. For example,
storms with peak intensity early in the event often produce earlier but lower
runoff and erosion than storms with constant intensity, whereas storms with
peak intensity later in the event generate later, greater runoff and erosion
(Dunkerley, 2021). In a plot experiment, early peak intensity resulted in
higher concentrations and loads of NO3 and TKN during the early part
of the event than storms with constant intensity; during the later part of the
event, NO3 and TKN concentrations and loads were higher in the constant
intensity treatment (Franklin et al., 2007).

Intra-event N loss patterns at the watershed scale are more difficult to
interpret because of the complex flow paths from precipitation to the stream.
The term “first flush” refers to a disproportionately high concentration
of pollutants at the onset of a runoff event. Although this concept is
most commonly applied to urban stormwater (e.g., Yang et al., 2021), it
is sometimes extended to agricultural watersheds. In a canal draining a
55-ha agricultural watershed in Japan, the strength of the first-flush effect
among different N forms followed the order PN > NH;—N > TN >
TDN > NO;—N, with a weak-to-no effect in NO3;—N; peaks in NH,;—
N concentration often followed PN peaks by ~15-60 min, attributed to
NH,—N desorption (Kato et al., 2009). A first-flush effect for PN was also
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reported in an agricultural watershed in China, where 36 percent of TN
and 46 percent of PN were exported in the first 25 percent of runoff
(Yang et al., 2015). Similarly, TN, TKN, and NH;—N, but not NO3;—N,
exhibited first-flush behavior in a semi-arid agricultural watershed in France
(Obermann et al., 2009). However, some of the observed first-flush patterns
may be due to resuspension of PN from the channel bed rather than to
surface runoft alone (Kato et al., 2009; Obermann et al., 2009).

In watershed-scale studies, the outflow includes both subsurface and
surface runoff, unlike in plot- or field-scale studies, where subsurface loss
is typically not quantified. Thus, event-scale N loss patterns at the watershed
outlet may largely reflect changes in the proportion of surface runoft. For
example, in one study, a greater proportion of surface runoff early in a
storm resulted in a lower proportion of NO3—N on the rising limb of
the hydrograph (35 percent of TN) than on the falling limb (59 percent
of TN); this contrast was less pronounced in a smaller storm (30 percent vs.
39 percent of TN on the rising and falling limbs, respectively) (Drewry et al.,
2009).

2.2.4 Effect of storm characteristics on nitrogen loss in surface runoff
The characteristics of a precipitation event, including amount, intensity,
duration, and timing, strongly influence the flux of N in surface runoft.

Storm amount and intensity: Greater rainfall amounts and intensities gener-
ally produce more runoft, which in turn drives greater N loss. In field-scale
studies in Maryland and Wisconsin, TN losses were strongly correlated with
total runoff volume, and most annual N losses occurred in just a few large
runoff events (Angle et al., 1984; Stuntebeck et al., 2011; Sherman et al.,
2021). In an extreme case, a single extraordinary rain event in a Spanish
vineyard generated more runoff, sediment, and N loss than typically oc-
curred over an entire year (Ramos and Martinez-Casasnovas, 2004). In a
3-year plot study in China, one or two rain events accounted for 64—83
percent of NHy—IN, 58—87 percent of NO3—-N, and 41-53 percent of TDN
loads (Jiao et al., 2012). Greater TN and PN losses under heavy rain have
been reported at both plot and watershed scales (Yang et al., 2015; Wu et al.,
2018; Yuan et al., 2020). Rainfall intensity also affects the composition of N
loss; in a simulated rainfall experiment, PN as a percentage of TN increased
with storm intensity, from a mean of 44.9 percent at 45 mm hr?! to 61.9
percent at 120 mm hr' (Wu et al., 2018).

Storm intensity pattern: The pattern of rainfall intensity within an event
affects runoft characteristics, including the peak runoff rate, runoff ratio, and
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the total runoff volume (Dunkerley, 2021). For example, a plot-scale study
comparing four intensity patterns found that storms with peak intensity early
in the event produced earlier runoff, higher total runoff volume, and more
soil loss (Gholami et al., 2021). These hydrological changes influence N
loss, but the effects are not uniform across studies. In simulated storms in
Indiana, the highest sediment N loss occurred at higher intensity when the
peak intensity was at the end of the storm, but the storm pattern did not
affect dissolved N (Flanagan and Foster, 1989). In contrast, plot-scale research
on tea orchard slopes in China found that the highest surface runoft, TN
losses, and NO3;—N concentration and loads occurred when peak intensity
was at the beginning of the storm (Wang et al., 2022). Another study
using simulated rainfall with the same average intensity, on strip tillage and
conventional tillage plots in Georgia, USA, compared constant and variable
intensity with a peak in the first half of the event (Franklin et al., 2007).
They found that at the end of the 70-min storms, cumulative TKN loss did
not differ between intensity patterns; however, NO3—N loss was significantly
higher under constant intensity (strip tillage: 361 g ha™!; conventional tillage:
58 g ha™!) than under the variable-intensity storm (strip tillage: 133 g ha™!;
conventional tillage: 49 g ha™').

Storm timing: Many studies have reported greater N losses in events that
closely follow preceding rainfall. This effect is largely driven by increased
runoft from elevated antecedent soil moisture, rather than by consistent
increases in IN concentrations, which can be variable and sometimes lower
after prior rainfall. In a pasture plot study in Kentucky, natural rainfall
two days before simulated rainfall produced significantly higher runoft
volumes and loads of NO3;—IN, NH4—N, and TKN, despite lower NO3—
N concentrations (Edwards et al., 2000). In a corn plot study in Indiana
with simulated rainfall, sediment N loss was much higher when soils were
already wet from rainfall the previous day (Flanagan and Foster, 1989). In
contrast, antecedent moisture did not affect sediment N loss in a plot-scale
study in Georgia with two tillage treatments (Strickland et al., 2012). At the
watershed scale, NH4—N concentrations, but not PN or NO3—N, increased
with rainfall occurring during the five days before the runoff event (Kato
et al., 2009).

The timing of rainfall relative to fertilizer application also affects N
loss, with responses depending on fertilizer type, application method, and
crop uptake. In a 3-year study across 10 field catchments in Texas, rain
events occurring shortly after N application produced high runoff N losses,
particularly with urea—ammonium-—nitrate (UAN) compared with poultry
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litter; split applications reduced peak runoft concentrations for both sources
(Harmel et al., 2004). In a 2-year plot-scale corn study in Georgia, USA,
high NO3;—N concentrations and loads occurred the day after planting and
applying a granular fertilizer, whereas high NO3;—N runoff losses did not
occur when liquid UAN was sidedressed at a much higher rate four weeks
later, likely due to higher plant uptake and infiltration of the liquid fertilizer
(Gascho et al., 1998).

2.2.5 Seasonal nitrogen transport in surface runoff

Nitrogen transport (load) is a function of both concentration and runoft
volume, each of which varies substantially across seasons. Runoff is typically
lower during the main growing season, when high evapotranspiration re-
duces soil moisture and lowers the water table, increasing infiltration capacity.
In addition, the crop canopy intercepts rainfall, reducing the amount that
reaches the soil surface. Higher median runoff per event was observed
during the non-growing season in a 4-year study on nine fields in Arkansas
(Reba et al., 2020). In a 3-year study in Maryland, 4-11 storm events
per year generated runoff, mainly in spring and early summer (March—
June) (Angle et al., 1984). Modeling in the Chesapeake Bay watershed
also showed higher surface runoff during January—March, driven by lower
evapotranspiration and higher soil moisture (Lee et al., 2020).

Soil N availability also changes substantially throughout the year. Crop N
uptake typically peaks in mid to late summer, resulting in low available N, but
as the crop matures and ceases N uptake, continued mineralization releases
newly available soil N that is prone to loss (Staver and Brinsfield, 1990). In
spring, as temperatures warm, mineralization often increases before crops can
take up substantial N, again leaving a large pool of available N vulnerable to
loss. Spring fertilizer applications further exacerbate these N pools and losses
(Staver and Brinsfield, 1990; Harmel et al., 2004; Ator and Denver, 2012).
Exceptions to this pattern can occur when a winter or cover crop takes
up available N outside the main growing season. For example, in a 5-year
cotton study in Arkansas, a field without cover crops had higher NO3;-IN
and TN concentrations in runoff during the non-growing season, while
fields with cover crops had higher concentrations during the growing season
(Daniels et al., 2019).

Higher runoff, combined with higher N availability, usually leads to
greater N loss during the non-growing season. Most field N losses occurred
between late winter and early summer in Wisconsin (Stuntebeck et al.,
2011; Sherman et al., 2021) and during the snowmelt period in Manitoba
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(Tiessen et al., 2010). However, there are exceptions. A 3-year study on
the effects of cover crops in four cotton—corn fields in Arkansas found no
significant differences in NO3, NO,, or TN loss between growing and non-
growing seasons, except for one cover crop treatment with higher TIN losses
in the non-growing season (Aryal et al.,2018). A 4-year continuation and ex-
pansion of this study to five additional fields also found no difference in NO3,
NO;, or TN loads or NO3/NO; concentrations between growing and non-
growing seasons, although higher TN concentrations occurred in the non-
growing season (Reba et al., 2020). Similarly, in a 7-year study in Mississippi
on tilled cropland with and without vegetative buftfers, concentrations of TN
and particulate and dissolved TKN in runoft were higher in winter—spring
than summer—early fall, but there was no seasonal difference in loads due to
variability in runoff volume (Locke et al., 2020). Extreme summer weather
events, such as hurricanes and thunderstorms, can also generate both high N
concentrations and large runoft volumes, as occurred with Tropical Storm
Lee in the Chesapeake Bay in 2011 (Hirsch, 2012).

In colder climates, snow accumulation and frozen ground conditions
significantly affect runoft and N loss. Snow may delay runoff for months
until snowmelt, which generally occurs slowly but concentrates runoft in
the spring (Galloway and Nustad, 2017; Liu et al., 2019). Snow usually melts
onto frozen ground, which prevents infiltration and increases runoff but
also protects soil from erosion, resulting in a lower proportion of particulate
matter in runoft (Liu et al.,2019). For example,a 5.5-year study in Wisconsin
corn silage fields found that across treatments (manure, tillage, cover crop,
and buffer practices), TN load was dominated by DIN (64-93 percent)
during snowmelt events, whereas DIN was a much smaller fraction (17—
35 percent) during rainfall events (Sherman et al., 2021). Cold temperatures
also influence N supply through several mechanisms, including the release
of N via freeze—thaw cycles, the slowing of microbial processes such as
mineralization and nitrification, and long intervals between runoft events,
which together can lead to N accumulation in the soil (Liu et al., 2019).

S 3. Nitrogen loss in tile drainage

3.1 Overview of tile drainage

In humid temperate climates, artificial drainage—including both tile and
ditch drainage—serves two primary functions: (1) improving aeration in
the plant root zone, thereby enhancing crop health, and (2) allowing farm
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equipment to operate on fields that would otherwise be too wet or vulner-
able to damage (Evans and Fausey, 1999; Christianson and Harmel, 2015).
Together, these benefits increase crop yields, in some cases surpassing yields
on naturally drained fields (Evans et al., 1995; Gentry et al., 1998). Artificial
drainage is also important in arid and semi-arid climates, but its primary
purpose there is to remove salts introduced by irrigation; because the
hydrological context and management considerations differ substantially,
such systems are not addressed in this review (Schultz et al., 2007).

The terms subsurface drainage and surface drainage appear frequently
in the literature but are inconsistently used. In some cases, they refer to
the source of water being conveyed (e.g., Schultz et al., 2007), whereas in
others they refer to the physical location of the drainage infrastructure—
subsurface drainage via buried tile versus surface drainage via open ditches
(e.g., Blann et al., 2009; Podzorski and Ryberg, 2025). Further complicating
matters, both tile and ditch drainage may convey mixtures of surface runoft
and subsurface flow. To avoid ambiguity, we use the terms tile drainage
and ditch drainage throughout this paper rather than subsurface and surface
drainage.

The term tile drainage originated from the fired clay (terracotta) pipes
historically used in buried drainage systems during the 19th and early 20th
centuries (Shedekar et al., 2020). Clay tile was first introduced in the United
States in the early 1800s, but did not become widespread until the advent of
tractors in the early 20th century, which increased the need for drainage
to improve field access and made installation more feasible. Perforated
corrugated plastic pipe, introduced in the late 1960s, largely replaced clay
tile for new installations (Shirmohammadi et al., 1995), although many clay
systems remain in use, and the term “tile” persists regardless of material.

Historically, single tile lines were installed to drain specific wet spots and
prevent surface ponding. Modern systems increasingly employ a pattern tile
layout—regularly spaced parallel lines designed to control the water table
across an entire field or field section (Fig. 5) (Blann et al., 2009). Tile systems
vary in depth and spacing; deeper and more closely spaced drains generally
provide more intensive drainage. A review of 91 US studies reported drain
spacing ranging from 2.5 to 43.0 m and depths from 0.5 to 1.5 m, with
about one-third of studies using the conventional Midwestern depth of 1.2
m (Christianson and Harmel, 2015).

Installing tile drainage in the United States was estimated in 2009 to
cost $740-1480 per hectare, a cost typically offset by yield increases of 5-25
percent (Blann et al., 2009). Tile installation is more expensive than ditch
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Fig.5 Common designs used in tile drainage systems. (A) Targeted or custom tile drains
a specific wet area and is often used in small depressional wetlands or potholes, some-
times in combination with a surface inlet. (B) The herringbone design drains larger or
narrow wet areas using lateral drains that flow to sub-main and main pipes. (C) Pattern
tile uses parallel laterals to uniformly drain a large area or entire field. Reproduced from
Podzorski and Ryberg (2025).

construction but offers several advantages, including lower maintenance
costs, increased operational efficiency on large fields, and avoidance of the
2-5 percent land loss associated with ditches (Herzon and Helenius, 2008).

Although tile drains are installed below ground, they can also receive and
convey surface runoff through preferential flow pathways such as shrink-
swell cracks in clay soils, tile blowouts or sinkholes, and artificial surface
inlets. Surface inlets—including tile wells, tile risers, and blind inlets—are
commonly used to drain pothole depressions (Fig. 5) in the upper Midwest
and on the Delmarva Peninsula in the United States (Smith et al., 2008;
Bryant et al., 2019; Flores et al., 2021). Fig. 6 illustrates the general pathways
of N transport in tile drainage systems.

Tile drainage is widely used in parts of Europe and North America.
In Northwest Europe, approximately 34 percent of cropland is tile drained
(Gramlich et al., 2018). In the United States, an estimated 21.5 million
hectares of cropland are tile drained across 200,000 farms, an increase of ~2
million hectares from 2012 to 2022 (USDA NASS, 2024). Six Midwestern
states account for >83 percent of all tile-drained land, but tile systems occur
in every state (Fig. 7); for example, Maryland has ~18,600 ha and Delaware
has ~4200 ha of tile-drained cropland.

3.2 Tile drainage impact on runoff and nitrogen loss

3.2.1 Effects of tile drainage on runoff and nutrient dynamics
Artificial drainage generally reduces surface runoff and increases subsur-
face drainage, with the magnitude and direction of effects depending on
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Fig. 6 Pathways of transport for different nitrogen forms in tile drainage. Most water
reaches tiles via infiltration, picking up and carrying dissolved constituents (NO; and
DON) as it moves through the soil. In some situations, water may enter tiles directly
from the surface via macropores, tile blowouts, or surface inlets, resulting in a higher
proportion of NH, and PON in tile drainage.
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Fig. 7 Tile drainage area in the United States. County-level tile drainage area (ha) from
the 2017 USDA Agricultural Census (left) was combined with additional datasets to map
the most likely tile-drained area in the U.S. at 30 m resolution (right). Reproduced from
Valayamkunnath et al. (2020).

topography, soil and drainage types, rainfall characteristics, and field man-
agement (Herzon and Helenius, 2008; Christianson and Harmel, 2015;
Gramlich et al., 2018). The net effect is usually a modest increase in the
total water outflow from a drained area. For example, a review of 195
European and US studies found that tile drainage increased mean annual
total discharge and baseflow by ~10 percent (Gramlich et al., 2018), and
an earlier review estimated that tile drainage increased total outflow by
~20 percent in North Carolina (Evans et al., 1995). Some studies have
reported that tile drainage reduces peak flows by shifting surface runoff from
fast-moving to slower subsurface flow (Christianson and Harmel, 2015).
However, others have found that peak flow responses are complex and
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highly variable (Gramlich et al., 2018). For instance, artificially drained
fields in Ireland exhibited higher peak flows than undrained fields because
enhanced soil cracking and macropore flow accelerated the transmission
of water to drains (Robinson and Rycroft, 1999). A review of 827 site-
years of data in the US and Canada reported that, on average, 25 percent
of annual precipitation (median: 20 percent) was exported as tile drainage
(Christianson and Harmel, 2015), while a more recent multi-year study of 13
research sites across seven states in the Midwest and North Carolina found
a range of 28—49 percent (Helmers et al., 2022).

By reducing surface runoff, tile drainage usually reduces soil erosion and
P loss (Gilliam and Skaggs, 1986; Herzon and Helenius, 2008; Gramlich et al.,
2018), and it can also lower gaseous nitrous oxide (N,O) emissions by
reducing soil saturation (Fernandez et al., 2016). However, these benefits
are often offset by increased N leaching in subsurface drainage. The trade-
off between P and N can be advantageous when particulate P is the main
pollutant of concern, particularly if tile flow can be treated (Christianson and
Harmel, 2015), but in some situations, P reductions are minimal while
N leaching increases substantially (Gramlich et al., 2018). For example, in
heavy clay soils in Finland, subsurface drainage increased N leaching by
70 percent, with minimal to no reduction in total P loss (Herzon and
Helenius, 2008). The extent of N loss in tile drainage at a given site is
governed by both uncontrollable factors, such as precipitation and organic
matter mineralization, and controllable factors, including cropping system,
tile spacing and depth, and fertilizer rate, timing, and placement (Randall and
Goss, 2008).

3.2.2 Forms of nitrogen in tile drainage

Nitrogen in tile drainage is usually dominated by NOg, which sorbs only
weakly to soil particles and is therefore highly mobile in soil water, un-
like NH4 and organic N, which tend to sorb strongly to soils (Fig. 6;
Gramlich et al., 2018). For example, in a 7-year study in Indiana, aver-
age annual tile NO3;—N loss was 1000 times greater than NH4—N loss
(Vincent et al., 2025). However, in systems with surface inlets, shrink-swell
soils, blowouts, sinkholes, and other preferential flow paths, tile drainage
can convey a large proportion of surface runoff and thus a higher fraction
of sediment-associated NH,4 and organic N, and a lower proportion of
NO;3 (Evans et al., 1995; Cuadra and Vidon, 2011; Ruark et al., 2017;
Gramlich et al., 2018). A recent review estimated that 21 percent of sites
in 104 tile-drainage studies had surface inlets, but only 2 percent of studies
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Table1 Summary statistics for annual or study period mean concentrations (not individ-
ual events) of different forms of nitrogen in the MANAGE drain concentration database
(Hertzberger et al., 2019b). Maximum refers to the highest reported mean value for a site-
year. Note that reported TN values are lower than NO;-N because fewer studies included
TN.

# of # of site-years Mean Median Maximum Minimum
Form of N studies of data (mgL") (mgL") (mglL™) (mgL™)
NO3;—-N 32 1107 12.0 111 28 0
NH4—N 19 137 1.1 0.1 9.6 0
Particulate N 1 3 0.9 0.9 0.9 0.9
(PN)
Total N (TN) 16 91 7.1 6.4 16.2 0.06

explicitly reported whether inlets were present (Flores et al.,2021). Sites with
surface inlets had lower DN loads (3.3 kg ha™' yr!) than sites without surface
inlets (23 kg ha™! yr!), reflecting differences in hydrologic connectivity and
flow pathways.

Despite the potential importance of multiple N forms, most research
on N loss in tile drainage has focused on NOj3 alone. The MANAGE
Drain Concentration Database, which compiles data from 79 peer-reviewed
publications and includes sites both within and outside the Midwest across
corn, soybeans, and other cropping systems (Table 1), reports 1107 site-years
of annual mean NO3-N (12 mg L), 137 site-years for NH;~N (1.1 mg
L), 91 site-years for TN (7.1 mg L™!), 3 site-years for PN (0.9 mg L), and
no data for DON (Hertzberger et al., 2019). Another review, which focused
exclusively on NO3—N in Midwestern corn fields, reported slightly higher
mean (14.6 mg L™!) and median (16.6 mg L™!) concentrations, with a similar
range (0.9-70.3 mg L") (Liu et al.,2021). That review also reported NO3—N
loads of 0—-138.7 kg ha™! yr™!, with mean and median loads of 29.2 and 24 kg
ha™! yr!, respectively. Recent multi-year research at 11 sites across seven US
states (Helmers et al., 2022) reported mean annual NO3;—N concentrations
ranging from 1 to 30 mg L™!, with substantial spatial variation across climatic
zones. Average NO3—IN concentrations were lowest in the southeasternmost
site (North Carolina, 6.4 mg L") and highest in the northwesternmost sites
(Minnesota/South Dakota, 12.5 mg L™), with intermediate values in Ohio
(8.4 mg L™!). Loads of NO3;-N followed the same general pattern, ranging
from 23.4 kg ha™! yr! in North Carolina to 43.9 kg ha™' yr™! in Towa.

Although few studies have measured organic N in tile drainage, those
that have suggest that it can be appreciable. A review of agricultural
DON leaching at in-field, EOF (tile), and watershed scales found that
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DON comprised 1-83 percent of TDN (DON + NO3), with a mean of
26 percent and median of 19 percent (van Kessel et al., 2009). All 16
papers in that review reported increasing DON loss and loss rates with
higher organic and inorganic N application rates. Most studies were in-field
leachate experiments, but one field-scale study that sampled tile drainage
(Murphy et al., 2000) extrapolated DON losses over the leaching period
(September—March) to 1.1-7.0 kg N ha™', equivalent to 8-15 percent of
TN across four fertilizer treatments.

In a two-year plot study in Finland, annual DON loads of 0.8-3.2 kg N
ha™! yr! from combined surface and tile drainage were primarily driven by
discharge volume, and average flow—weighted DON concentrations ranged
from 0.3 to 1.0 mg L', with no clear effects of management practices
(tillage vs. no-tillage, manure vs. mineral fertilizer, grassland vs. cereal)
(Manninen et al., 2018). Although annual DON as a percentage of TDN
was higher in surface runoft (25-63 percent) than in subsurface drainage (7—
24 percent), the majority (51-93 percent) of the DON load was exported
via subsurface drainage because of the higher drainage volume.

In four storms monitored in a tiled soybean field in Indiana, NO3;—N
usually comprised >80 percent of the TN flux, while NH4—N contributed
1-7 percent, and DON 2-14 percent, with one event value reaching 46
percent DON (Cuadra and Vidon, 2011). No consistent pattern of DON as
a function of flow was observed, which was attributed to the low DON
concentrations (median: 0-0.49 mg L7!, except for one storm at 5.63
mg L) relative to DIN. In another three-year tile study in Indiana with
strong preferential flow, annual average DON and PON concentrations
were 1.2 and 0.9 mg L™, respectively (12 percent and 9 percent of TN)
(Bottcher et al., 1981). Average annual loads were similar: 1.3 kg ha™! for
DON (15 percent of TN) and 0.7 kg ha™! for PON (8 percent of TN).
Collectively, these studies indicate that DON can constitute a considerable
fraction of TN losses in tile drainage, and that studies measuring only DIN
may miss an important component of N export.

3.2.3 Nitrogen transport in tile drainage within and across storm
events

Relatively few studies have reported intra-event patterns of N loss in tile

drainage, and even fewer have examined N forms other than NO3. Avail-

able research commonly shows that NO3 concentrations in tile drainage

decrease as flow peaks during a storm (i.e., on the rising limb of the

hydrograph) and then increase as flow subsides (on the falling limb), whereas
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sediment-associated NH4 and organic N often show the opposite pattern.
These inverse dynamics reflect shifts in water sources throughout a storm:
at the beginning and end of an event, tile flow is dominated by NO;-
rich groundwater (baseflow), while during peak flow, the dominant input
is rainwater, often entering the soil through preferential flow pathways and
mobilizing sediment (Schilling and Helmers, 2008).

In tiled soybean fields in Indiana, large decreases in NO3 (and NOj-
dominated TDN) concentrations were observed as discharge peaked during
large storms (>6 cm), attributed to dilution of the NOj3-rich groundwater
by an influx of low-NO3 “new water” delivered through preferential flow—
too rapid to be explained by passive diffusion (Cuadra and Vidon, 2011).
This response was not observed for NHy or DON, nor for NOj3 in smaller
storm events (<3 cm), which produced a lower fraction of preferential flow.
Variability in the occurrence and extent of preferential flow may also explain
why peak flow NOj dilution appeared intermittently in a 15-year study of
continuous corn and corn—soybean fields in Indiana (Kladivko et al., 2004).

Similar dilution patterns have been documented at large spatial scales. In
a Swiss river draining a tile-dominated watershed, NO3;—IN concentrations
during peak discharge were about ten times lower in rainwater (0.3 mg L")
than in groundwater (3—5 mg L™!), producing pronounced dilution during
peak flow and increasing concentrations as groundwater again dominated
the falling limb—resulting in an overall counterclockwise hysteresis loop
(Gichter et al., 2004).

As with surface runoff (overland flow), most N loss through tile drains
occurs during large and/or intense precipitation events. In a watershed-
scale study in Illinois, more than half of annual tile-derived NO3—N export
occurred during the top 10 percent of stream discharge events (Royer et al.,
2006). Similarly, a year-long study in Indiana found that events with flow
rates in the 80th percentile accounted for ~75 percent of NO3;—N loss
(Gall et al., 2015). A review by Gramlich et al. (2018) reported that
storm-intensity effects were seasonal as both low- and high-intensity events
generated tile flow in winter, but only high-intensity storms produced tile
flow in summer.

The historical emphasis on NOs in tile drainage studies has left major
knowledge gaps regarding how rainfall characteristics influence other N
forms. In an Indiana soybean field, precipitation amount was correlated with
NO3;-N and NH4—N loads, but not with DON (Cuadra and Vidon, 2011).
Although rainfall volume did not affect NH4;—N or DON concentrations,
larger storms diluted NO3—N concentrations, consistent with increased
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preferential flow (estimated to account for 43—50 percent of tile discharge
during these events). A study in Ohio hypothesized that higher antecedent
soil moisture would seal soil cracks, limit preferential low, and reduce sedi-
ment transport through tiles, but this effect was not observed (Schwab et al.,
1977).

3.2.4 Nitrogen transport in tile drainage across seasons and years
Because N loss in tile drainage is driven primarily by flow rather than
concentration, it is higher in years and seasons with greater precipitation.
In a review of 1200 site-years of drainage data from 91 studies, significantly
greater drainage and nutrient loads occurred in wet years (Christianson and
Harmel, 2015). The timing of rainfall may be more important than the total
amount in a year (Randall and Goss, 2008). In winter and spring, soils are
usually wet and evapotranspiration is low, so most rainfall drains through
the tile system. In summer, however, high evapotranspiration and drier soils
mean that the same amount of rainfall generates far less tile flow. A review
of European tile drainage monitoring data found that, on average, 9 percent
of precipitation was exported through tile drains in summer, compared to
54 percent in winter, and that tile flow sometimes dropped to zero during
summer (Hirt et al., 2011).

In cold climates, tile low may also stop over the winter, as frozen
ground hydrologically disconnects the soil surface from the drainage system,
allowing precipitation to accumulate as snow (Kokulan et al., 2019). As a
result, most annual drainage and NOj loss occurs during spring in cold
regions such as the upper Midwest and Canada, when snow melts, the
ground thaws, and row crops are not yet planted or are still very small
(Christianson and Harmel, 2015). However, exceptions exist: in six years of
monitoring in two tile-drained fields in North Dakota, one field had peak
N loads in March—April, while the other had peak loads in February—June
(Galloway and Nustad, 2017). In warmer regions, peak seasonal flows and N
loads often occur in winter. Using the USDA plant hardiness zones across
seven states, Helmers et al. (2022) found that sites in warmer Zones 6a and
8a (Ohio, North Carolina) experienced the greatest drain flows in winter. In
contrast, sites in colder Zones 4b and 5a (Minnesota, South Dakota, [owa)
had the highest spring flows, since they are usually frozen over winter. In
all regions, N loads followed discharge; thus, the season of most N loss
in tile drainage was winter in the warmer zones and spring in the colder
zones.

Data on seasonal patterns of N concentrations in tile drainage are less
common than data on loads and appear more variable. Many, but not all,
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studies have reported the highest N concentrations in spring or late spring
and the lowest in late summer. For example, mean NO3—N in tile drainage
was significantly higher in late spring (21.4 mg L™!) than in early spring
(5.7 mg L") or summer (11.5 mg L") in a 3-year study on a 25-ha tile-
drained field in Manitoba (Kokulan et al., 2019). A similar pattern has been
observed at the watershed scale in the Mackinaw River in Illinois,in a county
where 52-85 percent of the land is tile-drained: NOj3 concentration was
lowest in August—September, increased in fall, and remained high through
winter and spring, with the highest values in April-June (Lemke etal.,2011).
Similarly, NO3;—N concentrations in the Mississippi River, which drains the
most heavily tiled region of the US, were higher in winter, spring, and early
summer and lowest in late summer and early fall (Antweiler et al., 1995).
High NH,4—N concentrations also occurred in winter in the Mississippi, but
this was attributed to low nitrification, since NHy4 was thought to originate
primarily from municipal waste.

In a 9-year study of two tiled sub-basins in lowa, NO3;—N concentrations
increased gradually during the first half of the year and then decreased in the
third quarter (Tomer et al., 2003). Catchments with tile-drained arable fields
(mostly cereals) in Norway had low mean monthly N concentrations in July—
August and high concentrations in spring (May—June) and fall (September—
December), due to fertilizer application in spring and mineralization without
crop uptake in fall, whereas grassland catchments did not display seasonality
in N concentrations (Bechmann, 2014). Others have reported no consistent
monthly or seasonal patterns in tile NO3—N concentrations, including a 15-
year study in corn and corn—soybean fields in Indiana (Kladivko et al., 2004).

Over longer timescales, climate patterns such as the North Atlantic
Oscillation have influenced total N loss in tile drainage in Sweden, driven by
more winter freeze—thaw cycles and less snowfall (Ulén et al., 2019). Both
concentrations and loads are affected by year-to-year dry and wet cycles, as
residual N accumulates in soil in dry years and is flushed in subsequent wet
years (Randall and Goss, 2008). For example, annual flow—weighted mean
NO;-N in tile drainage increased from 13 to 24 mg L™ after a three-year
drought in Minnesota (Randall, 1998).

S 4. Nitrogen loss in ditch drainage

4.1 Overview of ditch drainage systems
4.1.1 Ditch drainage in agriculture
Ditch drainage has been used in agriculture for thousands of years,
with early examples in ancient Mesopotamia, Egypt, and Greece
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(Shirmohammadi et al., 1995). In North America, ditch construction began
during the colonial era in the late 1700s and remains common today in
regions such as the Atlantic Coastal Plain, the Midwest, irrigated fields in
California (Needelman et al., 2007), the alluvial valley of the Mississippi
River (Baker et al., 2016), and the Canadian prairies (Wilson et al., 2019). In
the United States, ~45 percent of artificially drained farmland uses ditches,
although this fraction varies regionally. For example, in Maryland, ditch
drainage accounts for ~85 percent of drained acreage, or 106,000 ha of
farmland (~1304 km of public ditches plus several hundred km of privately
managed ditches), whereas in Minnesota, ditches drain ~36 percent of the
artificially drained farmland, or ~1.8 million ha (~43,500 km of ditches)
(Needelman et al., 2007; Strock et al., 2007; USDA NASS, 2024). In Europe,
the proportion of artificially drained land served by ditches is highest in the
Netherlands (47 percent), Poland (36 percent), and Finland (34 percent),
with a combined ditch-drained area of ~3.5 million ha (Herzon and
Helenius, 2008). Ditches are also widely used in paddy rice systems in China
(Wang et al., 2024) and Korea (Kim et al., 2000).

Ditch dimensions vary widely both within and among regions. In a
review of temperate and boreal zones of the Northern Hemisphere, ditch
widths ranged from 0.2 to 10 m and occupied ~2-5 percent of the field
area (Herzon and Helenius, 2008), whereas in Mississippi, ditches can be
up to 27 m wide and 2 m deep (Baker et al., 2016). On a former poultry
farm in Maryland, a network of shallow in-field ditches (0.3—1 m deep and
wide) drains into deeper perimeter ditches (2-3 m deep) along field edges
(Schmidt et al., 2007; Vadas et al., 2007).

Although ditches are sometimes referred to as surface drainage, they
can convey both surface and subsurface runoft (Fig. 8) (Evans et al., 1995;
Dollinger et al., 2015). The ratio of surface to subsurface contributions
depends on site and soil properties (surface roughness, slope, vegetation, per-
meability), climate (precipitation characteristics), and ditch design (spacing
and depth relative to the water table) (Evans et al., 1995). In a study in
Maryland, deeper ditches intersected the water table year-round and never
dried out, whereas shallower ditches flowed intermittently, only when the
water table was high or during surface runoft events (Vadas et al., 2007).
In less permeable soils, which are common in the Midwest, ditches and tile
drains are often used together to achieve adequate drainage (Strock et al.,
2007). In such systems, in-field tile lines typically discharge into field-edge
ditches, which then convey water to larger ditches or directly to streams.
In contrast, in regions with more permeable soils and/or higher water
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Fig. 8 Pathways of nitrogen loss in different drainage ditches. Deeper ditches are more
likely to intersect the water table and thus may carry high nitrate (NOs) and maintain
flow during most or all of the year. Shallower ditches are more likely to flow intermit-
tently, with a higher proportion of ammonium (NH,) and particulate organic N (PON)
transported by surface runoff during large rain events. Dissolved organic N (DON) may
enter the ditch via either pathway. Created in https://BioRender.com.

tables, such as the Delmarva Peninsula, ditches alone may provide sufficient
drainage (Strock et al., 2007).

Ditches are sometimes compared to, or treated as, functional equivalents
of wetlands (Soana et al., 2017; Han et al., 2019) or headwater streams
(Ensign et al., 2006; Ahiablame et al., 2010). In many locations, ditches
are former natural streams that have been deepened and/or channelized to
improve field drainage (Needelman et al.,2007; Strock et al.,2007). Whether
a ditch more closely resembles a wetland or a stream can vary with season
and hydrologic conditions: during dry periods, longer hydraulic residence
times may cause a ditch to function more like a wetland, whereas during
wet periods it may behave more like a stream, with shorter residence times
and higher flows (Strock et al., 2007).

4.1.2 Transformations in attitudes about ditches

Agricultural drainage ditches have gone through several major shifts in
public perception. From the colonial era through the early 20th century,
they were viewed primarily as valuable tools for reducing mosquito habitat
and increasing arable land, and many drainage projects were publicly funded
(Shirmohammadi et al., 1995; Cooper et al., 2002). This perception be-
gan to change in the late 20th century as concerns grew about the loss
of natural wetlands and streams that ditches often replaced, along with
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increasing recognition of the role of drainage in accelerating runoff and
degrading water quality (Cooper et al.,2002). For example, on the Delmarva
Peninsula, the last major public drainage project—the Upper Chester River
Project—was halted in the 1980s due to public concern about its potential
impacts on Chesapeake Bay water quality (Lindon and Gergen, 1985;
Shirmohammadi et al., 1995).

In the early 2000s, attitudes toward ditches began to shift again, as
their potential ecological and environmental benefits were increasingly
recognized (Cooper et al., 2002; Needelman et al., 2007; Herzon and Hele-
nius,2008), and concern grew about widespread and largely successful efforts
to replace open ditches with subsurface drainage in Europe (Herzon and
Helenius, 2008). This change in perspective is exemplified by the emergence
of the terms “ecological ditch” and “eco-ditch”in China, first used in a 2006
publication and subsequently in at least 44 additional papers.

A special journal issue in 2007 called for more research on ditches
and their environmental roles (Needelman et al., 2007). In that issue,
Strock et al. (2007) noted that “[v]ery little is known about the nutrient
cycling dynamics of ditches” and speculated that they might have the
capacity to remove N, P, and sediment from agricultural runoftf. Since then,
research on the nutrient and sediment attenuation capacity of ditches has
expanded substantially. This emerging evidence that ditches can remove
these constituents is consistent with the fact that they often function similarly
to wetlands, whose water quality benefits are well documented (Fisher and
Acreman, 2004; Vymazal, 2011, 2017; Wang et al., 2018).

4.1.3 Transformations of nitrogen in ditches
Strock et al. (2007) summarized the key interactions and transformations that
occur when N enters a fluvial system, with processes largely derived from
stream ecology but also applicable to ditches. As in streams, most N inputs to
the ditch originate outside the ditch channel. Once in the water, N cycles
among biotic and abiotic pools, dissolved and particulate forms, and the
water column and sediments. Nitrogen may be incorporated into microbial
or plant biomass (immobilization) and later released through decomposition
(mineralization). Ammonium can sorb to sediments or organic matter, and
both nitrification and denitrification occur under different redox conditions,
temperatures, and carbon availability.

The ability of ditches to attenuate N is important for protecting down-
stream water quality. Across 28 studies of vegetated ditches receiving agri-
cultural runoff or domestic wastewater, Kumwimba et al. (2018) reported
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wide ranges in removal-9-97 percent for TN, 7-93 percent for NOj3, and
15-97 percent for NHy—reflecting variation in plant species and growth
stage, nutrient loading rates, low velocity, and environmental conditions.
However, many studies were short-term and/or measured only a subset of
N species, potentially missing important components of N cycling. Study
duration is especially important because N removal can be permanent (via
denitrification) or temporary (via biological uptake). Vegetation can remove
substantial N during the growing season but release part of it when plants
senesce (Ensign et al., 2006; Kroger et al., 2007; Kumwimba et al., 2018). In
other cases, biological activity may shift the form and timing of N export
without reducing total loads. Indeed, some ditches may not attenuate N at
all:in a 3-year study on five Mississippi ditches draining cotton fields, ditches
acted as a sink for P but a source of N, increasing DIN loads by 21-80 percent
(mean) and 0—-17 percent (median) (Baker et al., 2016).

4.1.4 The role of vegetation in attenuating nitrogen in ditches
Vegetation consistently enhances N attenuation in ditches (Moore et al.,
2010; Pierobon et al., 2013; Soana et al., 2017). A review of ditch man-
agement practices in the lower Mississippi found that vegetation reduced
concentrations and loads of NO3 and NHy, and TN loads, with median load
reductions of >50 percent for all three N forms (Faust et al.,2018). Plants re-
move N directly through uptake and indirectly by trapping suspended solids,
slowing water velocity, increasing hydraulic retention time, and providing
surfaces and organic matter that support denitrification (Kroger et al., 2009;
Pierobon et al., 2013; Soana et al., 2017; Vymazal and Brezinova, 2018).
Direct plant N uptake varies widely across studies. Reported contribu-
tions range from as little as 1.2 percent (Pierobon et al.,2013) to 26.3 percent
of total N removal (Vymazal and Brezinova, 2018), with some authors
describing plant uptake as a minor component relative to other N removal
pathways (Soana et al., 2017). In contrast, Kumwimba et al. (2017) found
that the TN removal capacity of 18 ditch plant species ranged from 72.0
to 99.4 percent. Another study comparing three species found that only
one took up substantial N (Han et al., 2019). These differences have man-
agement implications: some researchers advocate harvesting plant biomass
to remove N permanently (e.g., Kumwimba et al., 2018), while others
argue that harvesting removes little N and may disrupt other important
ecological functions (e.g., Pierobon et al., 2013). In a mesocosm study in
Mississippi, only 10 percent of the N taken up by vegetation was released
the following winter, as much of the N had been translocated to perennial
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roots (Taylor et al., 2020). Regardless of vegetation management, periodic
ditch maintenance (e.g., mowing, dredging) remains necessary to maintain
drainage capacity and prevent flooding (Needelman, 2007).

4.1.5 Denitrification in ditches

In the Mississippi River basin, modeled denitrification rates in streams and
rivers were inversely related to channel size, with small first-order streams
estimated to remove 45 percent of NOj per day through denitrification
because of high sediment-water contact (Alexander et al., 2000). However,
measured denitrification rates in agricultural ditches tend to be lower,
likely because NOj3 concentrations are substantially higher than in natural
headwater systems. For example, denitrification in agricultural headwater
streams in Illinois was <5 percent of NO3—N per day except during rare
periods of low flow and low NO3—N, as background concentrations were
typically >7 mg L™ (Royer et al., 2004).

Studies in agricultural ditches confirm that denitrification is strongly
influenced by NOj3 concentration, season, and vegetation. In groundwater-
fed ditches in Italy, denitrification removed 0.2-20.9 percent of the NOj
load, with the greatest removal occurring in vegetated ditches during
summer, when loads were lower (Soana et al., 2017). In a mesocosm
experiment spanning NO3;—N concentrations of 0~10 mg L™!, maximum
removal occurred when overlying water contained ~1 mg L', with the
highest denitrification rates observed in summer, lower rates in spring, and
negligible rates in fall and winter (Speir et al., 2017).

A study of Dutch ditches highlighted a seasonal mismatch between N
delivery and denitrification potential: most N enters ditches during fall,
winter, and spring, when denitrification is limited by cooler temperatures
(Veraart et al., 2017). In warmer months, denitrification potential increases,
but N inputs decline, and denitrifying microbes must compete with vege-
tation for available NOj3. The authors suggested that ditches receiving sus-
tained high NOj3 groundwater inflows year-round may be better positioned
to achieve meaningful N removal.

4.2 Forms of nitrogen in ditch drainage

Measuring different N forms in ditch drainage can help elucidate the sources
and transformations of N and has implications for downstream water quality.
Different N forms may reflect different sources, such as fertilizer or manure
type and application rate, soil organic matter, the proportion of subsurface
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Table 2 Forms of nitrogen reported in 27 ditch drainage studies reviewed by
Kumwimba et al. (2018).

N form # of studies percentage
TN only 14 51.9 percent
NH; only 3 11.1 percent
NOj; only 1 3.7 percent
TN and NO;3 2 7.4 percent
TN and NHy 2 7.4 percent
TN, NO3;, and NH,4 5 18.5 percent

versus surface runoft (Gilliam and Skaggs, 1986), and groundwater NOj3
concentration (Vadas et al., 2007). Subsequent transformations of N within
ditches can then alter the timing, total amount, and relative proportions of
N species exported downstream (Ensign et al., 2006).

However, most studies do not report all N forms in ditch drainage. For
example, in a review of 27 papers on N attenuation in ditches draining
agricultural runoff or wastewater, 14 papers (52 percent) reported only TN,
four (15 percent) reported only NO3;—IN or NHy—N, and five (19 percent)
reported TN, NO3;—N, and NH;—N, allowing organic N to be estimated by
difference (Kumwimba et al., 2018). None of the papers explicitly reported
organic N or distinguished between particulate and dissolved N (Table 2).

4.2.1 Nitrate and ammonium

Reported NO3 concentrations in ditch drainage vary widely, and compar-
isons are complicated by differences in study duration, sampling frequency,
and whether winter sampling was captured.

Across 27 site-years in corn—soybean rotations in Indiana, annual mean
NO;-N ranged from 0.1 to 6.6 mg L™!, with an overall mean of 2.6 mg
L™ (Smith et al., 2008). In a one-year study in Maryland, mean NO3;-N
in seven ditches draining corn—soybean fields ranged from 1.3 to 2.6 mg
L™, excluding one ditch influenced by a manure pile (Schmidt et al., 2007).
In Florida, mean NO3—N in six ditches over 14 months ranged from 0.01
to 0.34 mg L', but one runoff event reached 13.64 mg L™! (Zhang et al.,
2004). Over a growing season, low—weighted mean NO3—IN concentrations
of 18.9-21.8 mg L™ were observed in two ditches draining row crops in
Minnesota (Strock et al., 2007).

Concentrations of NHy in ditches are consistently lower and less
variable than NOj;. Mean NH;~N was 0.01-0.5 mg L' in Indiana
(Smith et al., 2008) and 0.1-0.16 mg L™ in Minnesota (Strock et al., 2007).
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Schmidt et al. (2007) did not measure NH4—N in Maryland, assuming con-
centrations would be negligible. In groundwater-fed ditches in Italy, NH,—N
represented only 0.04—0.72 percent of the total DIN load (Soana et al.,2017).
Only two studies reported a higher mean NH4—N than NO3—N: (i) in citrus
and vegetable farms in Florida, where mean NH,~N was 0.21-0.68 mg L™
and NO3;—N was 0.01-0.34 mg L™ (excluding one outlier) (Zhang et al.,
2004), and (ii) in 72 ditches in China, where mean NH4~N (1.09 mg L)
slightly exceeded mean NO3—N (0.94 mg L") (Wang et al., 2017).

The reported ranges further highlight the greater variability in NO3;—N
compared to NH4—IN. For NO3—N, observed ranges include 0.09-19.2 mg
L' and 1.11-23.8 mg L™! in corn—soybean fields in Indiana (Smith et al.,
2008; Ahiablame et al., 2010), <0.01-4.86 mg L™ in 13 ditches in the
Netherlands (Veraart et al., 2017), and the widest range (0-283 mg L)
in Florida (Zhang et al., 2004). In contrast, NH4—N ranges are narrower and
lower: 0.15-0.19 mg L™" in Mississippi (Kroger et al., 2007), <0.01-0.14 mg
L™! in the Netherlands (Veraart et al., 2017), 0.01-0.69 mg L™! in Indiana
(Ahiablame et al.,2010),and 0.01-1.3 mg L™! in Indiana (Smith et al., 2008).
As with NO3;—N, the widest NH4—N range and highest value (0-9.13 mg
L™!) were reported in Florida (Zhang et al., 2004).

4.2.2 Organic nitrogen
Few studies have directly reported organic N in ditches, but it can be inferred
from measurements of other fractions. In Indiana, the mean calculated TON
(TKN—NH,4—N) across 27 site-years was 1.43 mg L™! (range: 0.58-3.6 mg
L) (Smith et al., 2008). In six ditches in Maryland, mean calculated TON
(TN—NO3-N, assuming negligible NH4—N) ranged from 1.8 to 3.8 mg
L (Schmidt et al., 2007). Kroger et al. (2007) stated that DON was not
measured because the farm used only inorganic fertilizer, and that DON was
considered insignificant. Although no supporting references were provided,
the general lack of DON measurements suggests that this assumption is
common.

Emerging evidence indicates that DON in ditches can be substantial. In
a 7-month ditch study on the Eastern Shore of Maryland, median monthly
DON ranged from 0.18 to 1.83 mg L™!, comprising 31-80 percent of TDN
(Klick et al.,2021).1In 72 agricultural ditches in China, mean TN, PN, NO;—
N, and NH,—N were 4.80,1.09,0.94,and 1.09 mg L™}, respectively, implying
a mean DON concentration (TN — PN — NO3;-N — NH,—N) of 1.68 mg
L7, larger than any of the individual measured N fractions (Wang et al.,
2017).In 15 agricultural streams on the Eastern Shore of Virginia, DON was
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generally less abundant than NO3;—N but still accounted for 12—70 percent
of TDN (Herman et al., 2023). Similarly, in tile-fed ditches in Indiana, most
N was present as NO3—N, but up to 10 percent of samples had DON >30
percent of TDN (Gall and Jafvert, 2011).

In our earlier work in Maryland, mean TDN in two ditches draining
corn fields from July to March was 9.23 and 7.80 mg L', with mean
DON of 2.45 and 2.77 mg L', representing 28 percent and 44 percent
of TDN, respectively (Yang et al., 2022). Fourier Transform—Ion Cyclotron
Resonance—Mass Spectrometry (FT-ICR—-MS) analysis showed that most
DON in these ditches consisted of lignin-like compounds, followed by
condensed hydrocarbons and tannins. More labile compounds were <5
percent, suggesting that although DON was a significant fraction of N, it
likely had relatively low eutrophication potential in downstream waters.

4.2.3 Losses of different nitrogen forms

Nitrogen loads in ditches are primarily driven by discharge volume and
are therefore higher in wet years (Kroger et al., 2007; Smith et al., 2008)
and 1in ditches receiving more groundwater flow (Schmidt et al., 2007). In
a partial-year study in Maryland, two groundwater-fed ditches had much
greater outflow (639643 mm) and higher NO3~N (11.0-16.3 kg ha™')
and TN (22.6-28.9 kg ha™') loads than four shallower, intermittent ditches
(outflow: 135284 mm; NO3—N: 1.7-6.8 kg ha™'; TN: 5.1-15.5 kg ha™!)
(Schmidt et al., 2007). Similarly, Gilliam and Skaggs (1986) observed higher
TN loads in ditches dominated by subsurface water (42.1 kg ha™' yr™!) than
those receiving a mixture of surface and subsurface water (20 kg ha™! yr!)
or only surface runoff (13.6 kg ha™! yr!), although outflow volumes were
not reported.

The proportion of subsurface flow also increased both the amount and
fraction of NO3—N. In ditches receiving primarily subsurface flow, NO3;—N
loads averaged 32.4 kg ha™' yr™! (77 percent of TN), compared to 15.7 kg
ha™! yr! (78.5 percent of TN) in ditches with mixed surface and subsurface
inputs, and 3.7 kg ha™' yr™! (27.2 percent of TN) in ditches receiving only
surface runoff (Gilliam and Skaggs, 1986).

The ratio of watershed area to ditch area is another important driver of N
loads. In a 6-year study of five ditch sites in Indiana, higher NH4—IN, NO3;—
N, and TKN loads in large catchments were attributed to greater discharge
per unit area and higher concentrations (Smith et al., 2008). Although this
study did not monitor year-round losses, partial-year loads were dominated
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by NO3;—N (0.24-19.2 kg ha™), followed by TKN (0.12-8.77 kg ha™!) and
NH,;—N (0.01-1.29 kg ha™).

4.3 Nitrogen transport in agricultural drainage ditches

4.3.1 Nitrogen transport in ditches within and across storm events

Very few studies have reported intra-storm patterns of N loss in drainage
ditches,and most of those focus only on NOj3. Across these studies, no single,
consistent pattern emerges, likely because N dynamics reflect both drainage
configuration and storm characteristics. For example, in the Choptank
River watershed in Maryland, the nature of the ditch system controlled
intra-storm N behavior (Sadeghi et al., 2008). Ditches fed by NOj3-rich
groundwater (baseflow) had high pre-storm NO;—IN concentrations that
were diluted as storm flow increased, then rose again as storm flow receded.
In contrast, ditches with stagnant, anoxic water started with low NO3;—
N concentrations that increased during the event and remained elevated
afterward. Both types of flow patterns in the ditches delivered substantial
N loads.

A dilution effect on NOj also occurred at peak discharge during
several large events in a tile-fed ditch in Indiana, likely due to increased
surface runoff when tile drains were at capacity (Gall et al., 2011, 2015).
However, most runoff events in that system showed chemostasis, with
NOj concentrations remaining constant throughout the event. In a year-
long study of four ditches draining corn, soybean, and cotton fields in
Mississippi, NO3 concentrations increased during storm events over the 19-
h sampling window but did not exhibit the first-flush pattern observed for
TSS, which peaked within the first hour; NHy concentrations remained
relatively constant during events (Pierce et al., 2012). In contrast, in ditches
draining rice paddies in South Korea, TN concentrations usually decreased
as discharge increased during storms, except when runoff occurred shortly
after fertilization, in which case TN increased (Kim et al., 2006). Across
eight storms, TN ranged from 0.6 to 14.7 mg L™!, with clockwise hysteresis
(higher concentrations on the rising limb) in two events and anticlockwise
hysteresis in one event.

As in other fluvial systems, high-flow events dominate N export from
ditches. In channelized, tile-fed streams in Illinois, almost all NOj3 export
occurred when streamflow exceeded the median,and extreme events (>90th
percentile) accounted for more than half of NOj3 loss (Royer et al., 2006).
Similarly, in tile-fed ditches in Indiana, half of the NO3;—N loss occurred
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during the top 20 percent of flow events (Gall et al., 2015), and TN loads
increased with total runoff volume in rice paddy ditches in South Korea
(Kim et al., 2006).

Although N loads are largely discharge-driven, high-flow events can
bypass the N-attenuation capacity of ditches. Many wetland and several ditch
studies report higher N removal at low flow rates. A review found that the
highest N removal rates (through plant uptake and denitrification) occurred
under low discharge and long hydraulic residence time (Kumwimba et al.,
2018). Similarly, N removal rates decreased with increasing flow in rice paddy
ditches in China (Han et al., 2019), and lower DIN concentrations were
observed during low-flow conditions at 4 of 6 sites in Mississippi, attributed
to longer residence times (Baker et al., 2016).

4.3.2 Nitrogen in ditches across seasons

Nitrogen concentrations in drainage ditches exhibit pronounced seasonal
variation. In regions with distinct rainy and dry seasons, N concentrations
in ditches are generally higher during the rainy season (Zhang et al., 2004;
Wang et al., 2017). In four-season climates, NOj3 concentrations are often
highest in spring, fall, and winter, whereas NHy4 can peak in summer.

Over three growing seasons (April-October) in Maryland, NO3 con-
centrations were significantly lower in July and August than in April,
May, and October, whereas NH; and DON showed the opposite, with
higher concentrations in July and August (Klick et al., 2021). In Indiana,
during monitoring periods from April/May to October/November (with
no winter sampling), NOj3 concentrations were highest in spring, particularly
in wet years (Smith et al., 2008). In Mississippi, the highest TIN concentra-
tions occurred in spring and fall (Baker et al., 2016), and mean NO3;—-N
concentrations were higher in the dormant season (October—March) than
during the growing season (April-September) (Kroger et al., 2007). Similar
patterns were observed in two channelized first-order streams in Illinois,
where NO3—N was negligible from July to October, increased to 9.3-10.6
mg L™! from October to January, and remained high (8.7-12.6 mg L") from
January to July (Royer et al., 2004). Mean NH4—N concentrations ranged
from 0.03 to 0.67 mg L' over the year and were highest from January to
July, whereas TON ranged from 0.3 to 1.01 mg L™! and peaked between
July and October.

Low summer NOj concentrations have also been observed in streams
and rivers draining watersheds with a large proportion of ditch-drained
cropland. In the Choptank River in Maryland, NOj3 concentrations were
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agricultural runoff via overland flow, tile drainage, and ditch drainage. Created in https:
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lowest in late summer, attributed to reduced groundwater contributions
under low baseflow (Whitall et al., 2010). In the St. Martin River watershed
in Maryland, stream TN and NOj concentrations were lower in summer
as well, likely due to increased biological processing during low-flow
conditions; however, that study considered only baseflow, not storm events
(Beckert et al.,2011). In both the Choptank and St. Martin watersheds, NHy
concentrations were low year-round and showed no clear seasonal patterns
(Whitall et al., 2010; Beckert et al., 2011).

5. Knowledge gaps and research needs in nitrogen loss
research

Nitrogen is of immense interest to the scientific community and
managers because of its dual role as a vital crop nutrient and as a water
pollutant. Through this review, we have identified five major knowledge
gaps (Fig. 9) that require research to protect water quality while sustaining
agricultural productivity.
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5.1 Complete analysis of all nitrogen forms in agricultural
runoff and drainage waters

A major obstacle to understanding N loss through different hydrological
pathways (overland flow, tile drainage, and ditch drainage) is that most
studies have not analyzed all N forms, and different studies have focused
on different subsets, making comparisons and synthesis difficult. Because
different N forms differ in mobility, reactivity, and bioavailability, incomplete
fractionation not only limits our ability to construct site-specific N budgets
but also hampers process-based modeling and the design of targeted mit-
igation strategies. These inconsistencies partly reflect the evolution of the
soil and water conservation field (e.g., Toor et al., 2021). Beginning with
the establishment of the USDA Soil Conservation Service in the 1930s, U.S.
soil conservation efforts for much of the 20th century focused primarily
on soil erosion; as a result, most early work reported only TN or PN loss
(Christianson and Harmel, 2015; Staver, 2020).

From the 1970s onward, research shifted toward dissolved N forms, with a
surge of interest in the 1990s as the role of dissolved N in eutrophication be-
came clear (Christianson and Harmel, 2015; Harmel et al., 2022). However,
this focus was largely limited to DIN and mostly omitted DON. Subsequent
work has shown that DON can also play an important role in eutrophication
(e.g., Stepanauskas et al., 2002; Lewis et al., 2011), yet field-scale studies on
DON loss remain limited. For example, two recent comprehensive reviews
on field-scale surface runoft and artificial drainage did not include DON
(Hertzberger et al., 2019b; Harmel et al., 2022). In a review of DON in
streams, Martin and Harrison (2011) explicitly called for more research
on DON loss from agricultural systems to improve understanding of the
factors driving DON export. The continued tendency (in part due to the
lack of routine direct measurements) to treat DON and PON as residual
values obtained by subtraction rather than as directly measured pools means
that potentially important sources and transformations of organic N in
agricultural landscapes remain poorly constrained.

Beyond DON, there is a broader need for more complete fractionation
of N in each hydrological pathway. Tile drainage research has been dom-
inated by NO3—N, yet NH4—N and organic N can enter tiles via surface
inlets or preferential flow and may contribute substantially to TN loss. In
ditch drainage research, a complete analysis of all N forms is also needed,
particularly because in-ditch transformations may shift N among forms
without substantially changing total loads, thereby altering bioavailability
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and timing of delivery without changing TN. More consistent reporting
of NO3—N, NH;—N, DON, PON, and TN—along with clear definitions of
filtration cutoffs and analytical methods—would greatly improve cross-study
comparability and enable future syntheses to distinguish true biogeochemical
patterns from methodological artifacts.

In parallel with more complete concentration-based fractionation, there
is also a need to expand the use of isotopic tools to resolve N sources
and transformation pathways. Dual isotopes of nitrate (§'°N— NOj and
88 O— NO3) can help distinguish fertilizer-derived NOj; from soil organic
N, manure, and atmospheric deposition (e.g., Kendall and McDonnell, 1998),
while the stable isotopes of water (§2H, 8'®0O) can separate event water
from older soil-water or groundwater contributions (e.g., von Freberg et al.,
2022) to surface runoff, tile flow, and ditch drainage. Isotopic approaches
provide constraints on nitrification, denitrification, and mixing of legacy
versus contemporary NOj pools that are difficult to infer from concen-
trations alone. Despite their demonstrated value in watershed-scale studies
(Jani et al., 2020; Jani and Toor, 2018; Yang and Toor, 2016, 2017), these
tracers have rarely been deployed in EOF monitoring or in field-scale
studies of tile and ditch drainage, leaving key questions about their origin,
age, and processing history unresolved. Integrating isotopic measurements
with comprehensive N fractionation would therefore offer a much more
mechanistic understanding of N loss from agricultural fields.

5.2 Appropriate scale in nitrogen loss research

A long-standing challenge in addressing agricultural nutrient pollution is
that N measurements have rarely been made at the scale at which land is
managed—namely, the field and farm (small catchment) scale. Instead, runoft’
research has often been conducted (i) at the watershed scale (in streams
or rivers), where signals from individual fields or land uses are aggregated
and obscured or (ii) at the plot or sub-field scale, which does not capture
the heterogeneity of soils and hydrologic pathways across an entire field or
fields (Daniels et al., 2018). As a result, it is challenging to link observed
N loads directly to specific practices, cropping systems, or drainage config-
urations. For example, in small catchments (2 ha), the amount of surface
runoff was more than twice that predicted by extrapolating from plot-
scale (0.008 ha), because subsurface soil horizons impeded deep percolation

and caused infiltrated water from upslope plots to re-emerge downslope
(Dabney, 1998).
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Edge-of-field water quality monitoring, in which water samples are
collected as they leave a farm field (via surface or subsurface flow paths), helps
address this scale mismatch. EOF monitoring has been used since the 1970s
and 1980s, initially with manual or mechanical autosamplers, and became
more practical in the 1990s with the advent of programmable autosamplers
(Harmel et al., 2018). Since 2001, EOF monitoring programs have been
established or expanded in several U.S. states (e.g., Daniels et al., 2018;
Fermanich et al., 2022), providing data that more directly link management
decisions to N export.

However, delineating contributing areas in field-scale tile and ditch
studies remains difficult and can introduce substantial uncertainty in load
estimates per unit area. In tile-drained systems, catchment areas are often
approximated using buffer radii around tile lines, even though surface and
subsurface flows may follow different gradients, leading to over- or under-
estimates of both flow and nutrient loss per unit area. Surface inlets can help
delineate surface drainage areas, but Christianson and Harmel (2015) re-
ported that only 2 percent of the site-years in their database specified
whether inlets were present. In addition, the contribution of groundwater to
both tile and ditch drainage is often poorly constrained, further complicating
accurate load calculations. Together, these uncertainties highlight the need
for improved hydrologic characterization and standardized reporting of
contributing areas in field-scale N loss studies.

5.3 Nitrogen loss patterns in individual storms

Among field-scale studies, very few have examined N loss patterns within
individual storm events. Instead, almost all EOF monitoring has relied on
composite samples collected over an entire storm event, from which loads
are calculated as concentration multiplied by flow. While suitable for esti-
mating total N export, composite sampling obscures intra-event variability
and masks patterns that could reveal dominant sources and processes. For
example, Cuadra and Vidon (2011) noted that their tile drainage study was
one of the few to report N export dynamics at the storm scale and argued
that understanding intra-storm patterns is essential for developing accurate
sampling strategies.

Our review shows that when intra-event data are collected, they of-
ten reveal strong and interpretable structure. For example, studies have
documented first—flush behavior of particulate and organic N, dilution of
NO;—N at peak flow when preferential flow dominates or shifts in the
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relative importance of surface runoff versus tile flow between the rising and
falling limbs of the hydrograph (e.g., Kato et al., 2009; Drewry et al., 2009;
Cuadra and Vidon, 2011). These patterns are critical for diagnosing whether
a given event is mobilizing legacy N stored in soils and sediments, recently
applied fertilizer or manure, or groundwater-derived NO3. Without such
information, management efforts risk targeting the wrong sources or the
wrong parts of the hydrograph.

There is therefore a need for higher temporal resolution using sequential
(low- or time-based) sampling within storm events. This includes not only
more frequent discrete sampling, but also greater use of automated samplers
and in situ NOj sensors that can capture rapid changes during large, short-
duration storms. Our review also found relatively little research comparing
EOF N loss across storm types (e.g., differing in amount, duration, or
intensity), or considering storm timing relative to field management (e.g.,
fertilizer application, tillage) and antecedent rainfall. Yet, such comparisons
are essential for identifying threshold behaviors (e.g., storm sizes or sequences
that disproportionately drive annual N export) and for aligning management
practices with the events that matter most.

Reporting these detailed, high-resolution datasets would greatly facilitate
meta-analyses (Eagle et al., 2017) and provide new insight into when and
how N losses can be most effectively reduced. In particular, intra-event N
data from multiple pathways (overland flow, tile drainage, and ditches) under
coordinated sampling designs would allow researchers to test hypotheses
about connectivity among pathways, refine event-based models, and design
more efficient monitoring strategies that capture most of the N export with
fewer, better-timed samples.

5.4 Year-round research on nitrogen loss

The need for more comprehensive temporal coverage in N loss research
cannot be overstated. Although winter and spring are widely recognized
as the periods with greatest N losses, many studies have been restricted to
the main growing season (late spring through early fall) or have collected
only limited data during the dormant season. As a result, a substantial
fraction of annual N export can occur outside sampling windows, leading to
biased estimates of both loads and the apparent effectiveness of conservation
practices. Several authors have therefore called for more intensive, year-round
monitoring of drainage nutrient losses (Christianson and Harmel, 2015;
Sharpley et al., 2019).
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Year-round monitoring is especially important for ditches, where N
immobilized in plant and microbial biomass during the growing season
may be mineralized and/or exported in organic forms during the dormant
season. Seasonal shifts in hydrologic connectivity and redox conditions can
also fundamentally alter the dominant N forms: for example, snowmelt or
prolonged wet periods may favor DIN transport, whereas late-fall storms
following senescence may flush DON and PON derived from decomposing
vegetation and crop residues. Yet several key studies on ditch drainage did
not include winter monitoring (Strock et al., 2007; Schmidt et al., 2007;
Smith et al., 2008), thereby limiting our understanding of how these systems
function throughout the annual cycle.

Similar concerns apply to tile drainage and surface runoff. In cold cli-
mates, snow accumulation, frozen soils, and spring snowmelt can concentrate
N export into a relatively short period, while in warmer regions, late-fall and
winter storms often dominate annual load. Therefore, studies that omit the
dormant season risk underestimating both total N loss and the contribution
of rare but hydrologically important events (e.g., rain-on-snow, mid-winter
thaws, or intense frontal systems). Moreover, climate change is altering
the frequency, timing, and intensity of such events, making it increasingly
important to capture N dynamics year-round rather than extrapolating from
growing-season patterns.

Although winter sampling in cold climates poses logistical and safety
challenges (e.g., ice, snow, equipment freezing, access issues), existing pro-
grams demonstrate that year-round monitoring networks are feasible. Long-
term efforts such as EOF monitoring in the U.S. Midwest and Discovery
Farms—type programs have successfully collected data under snowmelt and
frozen-ground conditions, providing critical insights into the seasonal timing
of N loss and the performance of conservation practices outside the growing
season. Building on these examples, future research should prioritize multi-
year, year-round monitoring that (i) explicitly quantifies the share of annual
N export occurring in the dormant versus growing seasons; (ii) tracks
seasonal shifts in N speciation (e.g., DIN vs DON vs PON); and (ii1) links
these patterns to management timing, soil conditions, and changing climate
drivers.

5.5 Nitrogen loss in different geographical settings

In a review of EOF surface runoff studies, Harmel et al. (2008) emphasized
that results can vary considerably with local hydrologic, agronomic, and
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climatic conditions, and that locally relevant data are therefore critical for
informing management. However, they found substantial data gaps in the
Northeast, Pacific Northwest, and Rocky Mountain regions of the U.S. A
later analysis of U.S. runoft data by Level II ecoregion likewise revealed stark
imbalances: for example, there were 527 site-years of data for the South-
Central Semi-Arid Prairie region (average TN load: 2.4 kg ha™' yr!), but
only 12 site-years in the Marine West Coast Forest region (average TIN
load: 43.5 kg ha™! yr™!) (Harmel et al., 2022). These contrasts highlight not
only where monitoring has been concentrated, but also that under-sampled
regions may have disproportionately high N losses per unit area.

Similar regional gaps are apparent in artificial drainage research.
Shirmohammadi et al. (1995) noted that there were almost no data on the
water quality impacts of artificial drainage in the Mid-Atlantic states (New
Jersey, Delaware, Maryland, and Virginia), and that available data from the
Southeast were not directly comparable because of frequent impeding layers
within 2—4 m of the surface. Since then, a handful of studies have examined
N in ditch drainage in Maryland (Strock et al., 2007; Vadas et al., 2007;
Shigaki et al., 2009; Klick et al., 2021), but neither the Christianson and
Harmel (2015) database nor that of Hertzberger et al. (2019) includes
any tile drainage studies from the Mid-Atlantic or Chesapeake Bay water-
shed, despite increasing tile use and farmer interest in this region. Simi-
larly, we found only one published study of EOF surface runoff in the
Chesapeake Bay watershed (Angle et al., 1984), which is striking given
the longstanding focus on nutrient management and regulation in this
watershed.

These geographical gaps are important because N loss processes and
dominant pathways are shaped by region-specific combinations of climate,
soils, geology, cropping systems, and drainage designs. For example, tile-
drained corn—soybean systems on deep, poorly drained glacial sediments in
the US Midwest differ fundamentally from shallow, ditch-drained coastal
plain soils, irrigated systems in arid and semi-arid regions, or mixed
livestock—crop systems on shallow bedrock in the Northeast. Extrapolating
export coefficients or practice efficiencies derived from one region to
another may therefore misrepresent both the magnitude and form of N
export, leading to either overconfidence or undue pessimism about the
potential for local management to reduce loads. Many national and regional
policies, such as nutrient reduction strategies, total maximum daily loads, and
conservation program designs, implicitly rely on such transfers, underscoring
the need for more locally grounded measurements.
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Addressing these gaps will require sustained investment that individual
research groups or short-term projects cannot provide. Federal and state
agencies are uniquely positioned to support coordinated, multi-state EOF
monitoring networks that generate consistent, comparable datasets across
contrasting hydrogeologic and agronomic settings. Strategic public funding
would help ensure that regions with limited research capacity—often those
with smaller or more diverse farms, rapidly expanding tile drainage, or
emerging irrigation—are not left behind, and that conservation investments
are guided by robust, region-specific evidence rather than assumptions
imported from very different landscapes.

Outside the United States, regional data are even more sparse, particularly
for field-scale N loss via tile and ditch drainage. There is a particular need for
studies in rapidly changing agricultural regions, such as areas experiencing
new tile installations, expansion of irrigated agriculture, or transitions in crop
and livestock distributions. We therefore call on the research community
worldwide, together with national and state funding agencies, to support
locally relevant studies that reflect variation in geology, soils, climate, drainage
systems, and agronomic practices, using harmonized methods where possible.
Strategic expansion of EOF monitoring networks and coordinated regional
comparisons would improve the basis for policy and model calibration, re-
duce the need to transfer parameters across dissimilar regions, and ultimately
support more effective and equitable strategies to manage and reduce N
losses from agricultural ecosystems.

6. Conclusions

Nitrogen loss from agricultural fields via surface runoff, tile drainage,
and ditch drainage continues to impair water quality in many watersheds. A
synthesis of field-scale studies shows that the dominant forms and pathways
of N look very different depending on how water leaves the field: surface
runoff is usually dominated by particulate N, tile drainage by NO3—N, and
ditches by a mix of inorganic and organic N forms, with DON and PON
often making up a substantial—yet rarely measured—portion of the total
N. These patterns underscore that effective mitigation requires a process-
based understanding of when, where, and in what forms N leaves fields.
We identify five major gaps that limit this understanding. First, incomplete
fractionation of N forms—especially the routine omission of DON and
PON—prevents construction of robust N budgets and obscures important
sources and transformations. Second, many measurements are made at plot
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or watershed scales rather than the field and small-catchment scales where
management decisions occur, hindering direct attribution of N losses to
specific practices and drainage configurations. Third, reliance on composite
event sampling masks intra-storm variability, including first-flush behavior,
preferential flow, and shifting contributions of surface runoff, tile flow, and
ditches. Fourth, the lack of year-round monitoring, particularly during
winter, snowmelt, and late-fall storm periods, leads to systematic under-
estimation of annual loads and mischaracterization of when conservation
practices matter most. Finally, research is geographically clustered, leaving
key regions and drainage settings poorly represented despite rapid changes
in tile and ditch drainage worldwide. Addressing these gaps will require
coordinated, multi-year monitoring networks that couple comprehensive
N fractionation and isotopic fingerprinting tools with high-frequency, year-
round sampling across contrasting climates, soils, and drainage systems. Such
investments in research will improve process-based models, refine estimates
of the performance of conservation practices, and support more effective,
locally tailored solutions to reduce N losses while sustaining agricultural
productivity.
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